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Occurrence of Per- and Polyfluoroalkyl Substances in Europe’s Rivers
Abstract

Per- and polyfluoroalkyl substances (PFAS) are synthetic chemicals of global concern due to
their persistence, mobility, and toxicity. While numerous studies have investigated PFAS
contamination in surface waters, most are limited to local or national scales and are
constrained by inconsistent methodologies. Here, we present the first large-scale, year-round
assessment of PFAS contamination in European rivers. Seven PFAS were monitored at 280
across 93 distinct rivers and 31 countries, representing the PFAS footprint of approximately
309 million people. At least one PFAS was found at 93% of locations, with concentrations at
63% of locations exceeding the EU’s proposed environmental quality standard for PFAS of
4.4 ng/L. Hotspots of PFAS contamination included sites in southern and southeastern Europe
(e.g., Cyprus and Turkey) and western Europe (e.g., Scotland and France), with contamination
associated with landfills, wastewater discharges, and industrial activity. Seasonal trends
revealed significantly higher PFAS concentrations in summer, likely due to reduced dilution.
Partial least squares path modelling (PLS) showed that PFAS levels were influenced by both
socioeconomic factors (e.g., Human Footprint Index and GDP) and environmental conditions
(e.g., electrical conductivity, temperature, and flow rate). These findings highlight the need for
coordinated monitoring, stronger regulation, and global action to address PFAS pollution and
safeguard human and ecosystem health.

1. Introduction

Per- and polyfluoroalkyl substances (PFAS) are a class of synthetic compounds that have
been extensively used in industrial and manufacturing processes and incorporated into a wide
array of consumer products for decades (Key et al., 1997; Buck et al., 2011). Characterized
by the exceptional strength of their carbon-fluorine bonds, PFAS exhibit resistance to
biological and chemical degradation, earning them the moniker "forever chemicals" (Buck et
al., 2011; Cousins et al., 2020). The persistent, mobile, and bioaccumulative nature of PFAS,
coupled with their widespread use, has resulted in their widespread presence in aquatic
environments, including in drinking water supplies and food chains (Shi et al., 2015; Chen et
al., 2016; Camacho et al., 2024; Becker et al., 2008; Reinikainen et al., 2022). Human
exposure to PFAS has been associated with severe health risks, including increased cancer
incidence, liver toxicity, immune system suppression, and endocrine disruption in humans
(Pizzurro et al., 2019; Messmer et al., 2022). Additionally, PFAS pose acute and chronic
toxicity risks to aquatic species, threatening ecosystem integrity (Sinclair et al., 2020; Wang
et al., 2024). Consequently, the global scientific and regulatory community recognizes PFAS
contamination as a critical threat to both human health and environmental systems.

In response to these concerns, regulatory frameworks have been established to mitigate PFAS
risks. For example, the European Commission implemented an annual average environmental
quality standard (AA-EQS) of 0.65 ng/L for perfluorooctane sulfonate (PFOS) in 2013 and
subsequently proposed a broader AA-EQS of 4.4 ng/L for a group of 24 PFASs in surface and
groundwater, expressed as perfluorooctanoic acid (PFOA) equivalents (European Union,
2013; European Commission, 2022). Similar thresholds have been adopted internationally,
including drinking water limits of 4 ng/L for PFOS and PFOA, and 10 ng/L for PFNA in the
United States (US EPA, 2023). The European Union Drinking Water Directive defines a
threshold of 0.1 pg/L for a group of twenty PFASs (European Union, 2020). Despite these
regulatory measures, there remain significant gaps in our understanding of PFAS distribution
and trends in environmental systems, particularly at broader spatial and temporal scales.
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Although numerous studies have examined the occurrence of PFAS in surface waters and
groundwaters, most have focused on small sample sizes or limited geographic regions, such
as single basins or countries (Camacho et al., 2024; Zarebska et al., 2024; Sérengard et al.,
2022; Jonker, 2024). Large-scale assessments of PFAS distribution are rare, with only three
studies to date investigating continental or global patterns in occurrence (Pan et al., 2018;
Baabish et al., 2021; Loos et al., 2009). These efforts covered just 158 surface water samples
across 27 European countries and lacked the temporal resolution necessary to assess
variations over time. While desk-based studies have aggregated data from multiple sources
to examine PFAS contamination at continental and global scales (Ackerman Grunfeld et al.,
2024), inconsistencies in analytical methods and monitoring protocols hinder cross-study data
integration and interpretation. Recent mapping efforts by Cordner et al. (2024) have identified
likely PFAS contamination hotspots across Europe by analysing potential source categories.
However, the reported contamination levels may underestimate the true extent of PFAS
pollution due to national disparities in monitoring capacity, data transparency, and a lack of
comprehensive geolocation and sampling data. To address these limitations, spatially
representative environmental monitoring data, generated using standardized and coordinated
sampling and analytical protocol, are essential for accurately characterising the general extent
of PFAS contamination across Europe.

In this study, we address these critical gaps by presenting the first comprehensive assessment
of the spatial and temporal distribution of seven widely detected PFAS across freshwater
systems in 31 European countries. By analyzing data from 280 monitoring sites, we identify
key drivers of PFAS distribution, assess contamination hazards, and pinpoint European
hotspots of PFAS pollution. Our findings provide crucial insights to inform regulatory strategies
and advance efforts to mitigate PFAS contamination at a continental scale.

2. Materials and Methods

2.1 Study PFAS and reagents

Four short-chain PFAS, including perfluorohexanoic acid (PFHxA), perfluorobutanesulfonic
acid (PFBS), perfluoroheptanoic acid (PFHpA), and perfluorobutanoic acid (PFBA), and three
long-chain PFAS, including perfluorooctanoic acid (PFOA), perfluorononanoic acid (PFNA),
and perfluorooctanesulfonic acid (PFOS), were selected for monitoring based on their high
detection frequencies (ranging from 17% (PFNA) to 42% (PFOS)), and mean environmental
concentrations (ranging from 0.820 ng/L (PFNA) to 68.3 ng/L (PFBA)) across 1191 aquatic
monitoring sites in Europe (Niegowska et al., 2021). The seven target chemical standards and
the deuterated internal standard (atrazine-D5) were purchased from Sigma-Aldrich
(Gillingham, UK) with a purity of 295%. LC-MS grade water, methanol, and acetonitrile were
obtained from Fisher Scientific (Loughborough, UK). Ammonium formate (297%) and formic
acid (295%) were purchased from Sigma-Aldrich (Gillingham, UK).

2.2 Site selection and sampling protocol

Sampling locations were strategically chosen to characterize PFAS occurrence from a range
of potential pollution sources, such as industrial discharges, wastewater treatment plants, and
agricultural runoff, as well as to include reference sites expected to be uncontaminated. The
final sites were selected based on criteria including river size, setting (urban or rural), and land
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use (e.g., industrial or agricultural areas) to ensure a representative assessment of PFAS
contamination across the European landscape. A total of 280 river water sampling locations
across 31 countries on the European continent were monitored. The number of locations by
country ranged from 3 for Estonia to 54 for the United Kingdom. Full details of the sampling
locations are provided in Supporting Information (Table S1).

The sampling approach was similar to that described by Wilkinson et al. (2022). Duplicate
samples were collected from each sampling location in the summer (July) and autumn
(October) of 2022, and winter (January) and spring (April) of 2023. All samples for a season
were obtained within a one-month timeframe of each other (sampling dates for each location
are provided in the Supporting Information, Table S1). Samples were collected using a pre-
rinsed metal bucket. An aliquot of the water was then drawn into a 5 ml disposable plastic
syringe, and 3 mL was filtered using a 0.45 um glass microfiber (GFX) filter into 4 mL amber
glass vials. For each sampling campaign and each sampling timepoint, a field blank was
collected following a procedure similar to that used for environmental samples but using
LCMS-grade water instead of river water. The collected samples were frozen and transported
on ice to the University of York (York, UK) for chemical analysis. All shipments were sent via
the international DHL Express 12:00 service and arrived within 24—72 hours after dispatch.
General water quality parameters (e.g., pH, water temperature, electrical conductivity, and
flow rate) were measured when meters were available to sampling teams.

2.3 Chemical analysis

Concentrations of each PFAS in samples were determined using direct-injection high-
performance liquid chromatography-tandem mass spectrometry (HPLC-MS/MS) in multiple
reaction monitoring mode. The HPLC-MS/MS system consisted of a Dionex UltiMate 3000
HPLC coupled with a Thermo Scientific Endura TSQ triple-quadrupole mass spectrometer.
Chromatographic separation was performed using an Agilent Zorbax Eclipse Plus C18 column
(3.0 x 100 mm, 1.8 ym, 600 bar, Agilent Technologies, UK) with a C18 SecurityGuard guard
column (Phenomenex, UK). The column temperature was maintained at 40°C, with a mobile
phase flow rate of 0.45 mL/min. Mobile phase A consisted of 0.01 M formic acid and 0.01 M
ammonium formate in LCMS-grade water, while mobile phase B was 90% methanol and 10%
acetonitrile. The sample injection volume was 100 ul. Gradient elution began at 10% B,
increased to 40% at 5 min, 60% at 10 min, and 100% at 14.1 min, then held for 2 min before
returning to 10% at 16.1 min, followed by a 1.4-min re-equilibration. Negative electrospray
ionization was used to generate two transition ions per target PFAS, while positive ionization
was used for the internal standard (atrazine-D5), with one transition for quantification and the
other for confirmation. Collision gas (argon) pressure was kept at 2 mTorr. Further details on
analytical methods are provided in Table S2.

Quantification was performed using a 15-point calibration curve (1-8000 ng/L) with
TraceFinder 5.1 software (Thermo Scientific, Waltham, MA, USA). Limits of detection (LOD)
and quantification (LOQ) were determined following Wilkinson et al. (2019). The LOD for each
analyte was calculated as the standard deviation of 8 replicate measurements at the lowest
calibrant level, multiplied by the Grubbs t-test constant. LOQs were set at twice the
corresponding LOD. The LODs for the seven PFAS compounds ranged from 0.960 ng/L for
PFOAto 1.76 ng/L for PFOS (Table S3). The proposed method achieved good intra- and inter-
day repeatability in LCMS-grade water at spiking concentrations of 100 and 1000 ng/L (n = 8),
with relative standard deviations below 20% for all target PFAS. Matrix recovery was tested
by spiking filtered river water (River Foss, York, UK) at the same concentrations (100 and 1000
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ng/L), with recoveries ranging from 83% (PFBA) to 137% (PFNA) (Table S3). A QC blank
(LCMS-grade water spiked with an internal standard at 400 ng/L) and an instrument quality
control sample (LCMS-grade water spiked with all target PFAS, including the internal standard,
at 800 ng/L) were injected after every 20 samples during the analytical runs to evaluate sample
contamination throughout the analytical procedures and monitor the performance of the
HPLC-MS/MS. Alongside field blanks, method blanks (with vials rinsed with LCMS-grade
water and subjected to the same filtration procedure as field blanks), and laboratory blanks
(prepared with LCMS-grade water spiked with an internal standard) were analyzed to assess
background and carryover contamination and validate the sample preparation process.

2.4 Statistical Analysis

Data were compiled in and managed using Microsoft Excel (Microsoft 365, Version 2412,
USA). PFAS that were not detected or detected at concentrations below the LOD were
reported as not detected (ND).

With the exception of PFHxA, for statistical analysis of the data and in the event that
compounds were not detected, a value of zero was used in subsequent data analyses. For
PFHxA, which had a detection frequency exceeding 60%, non-detects were substituted using
the approach described by Antweiler (2015) and calculated according to Equation 1.

Substitution = g X LOD

Figures displaying the spatial and temporal distribution of PFAS concentrations were
generated using GraphPad Prism 9 (GraphPad Software, 2020). A hazard characterisation
map was created in RStudio Version 4.4.2 (RStudio, 2024) by comparing the measured PFAS
concentrations against European regulatory PFAS thresholds for surface water (European
Union, 2013; European Commission, 2022). Given the non-normal distributions of individual
PFAS, total PFAS concentrations, and hazard quotients, a non-parametric two-way ANOVA
with the aligned rank transform function (ARTool package) was conducted in RStudio Version
4.4.2 (RStudio, 2024) to assess significant differences in total PFAS concentration between
countries and across the four seasons. Additionally, a non-parametric Friedman test was
performed in GraphPad Prism 9 (GraphPad Software, 2020) to determine whether individual
PFAS concentrations or hazard quotients differed significantly across the four seasons; this
was followed by Dunn’s multiple comparisons test to identify specific pairwise seasonal
differences. For detection frequencies of individual PFAS, Cochran’s Q test was used to
assess overall seasonal differences, followed by McNemar’s test to determine significant
pairwise seasonal differences. The significance threshold in all statistical analyses was p <
0.05.

Partial least squares path modelling (PLS-PM) was also conducted in RStudio Version 4.4.2
(RStudio, 2024) to identify key contributors among socioeconomic and environmental factors
that might explain spatial and temporal variations in PFAS concentrations. PLS-PM consists
of an inner model, which describes the relationships between the dependent variable ('PFAS
concentration') and latent variables (LVs), such as 'socioeconomic variables' and
‘environmental variables,' and an outer model, which links the measurement variables (MVs)
to their corresponding LVs. All data were square root-transformed to approximate a normal
distribution and subsequently standardized to ensure variable comparability in the PLS-PM
analysis. The relative contribution and significance of both LVs and MVs were evaluated using
the bootstrapping method. The weights and path coefficients range from -1 to 1, with values
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closer to -1 or 1 indicating stronger relationships, and those closer to zero representing
weaker relationships.

Socioeconomic data at the regional level, including population, gross domestic product (GDP),
education, poverty, land use and tourism, at the Nomenclature of Territorial Units for Statistics
Level 2 (NUTS2), were obtained from the Eurostat database for 2022—-2023 (Eurostat, 2024).
When region-specific data for 2022—-2023 were unavailable, data from the nearest available
year were used. Additional socioeconomic data on manufacturing of all types of pollutants,
wastewater treatment plants (WWTPs), and the Human Footprint Index (HFI) were sourced
from the European Environment Agency (EEA, 2024a), HydroWASTE (Ehalt Macedo et al.,
2022), and the study by Mu et al. (2022), with priority given to upstream data of the sampling
sites, as upstream activities are likely to most significantly impact PFAS contamination at the
monitoring sites.

Environmental condition variables, such as pH, electrical conductivity, water temperature,
dissolved organic carbon (DOC), air temperature, precipitation, and flow rate, were derived
from either the direct coordinates of the sampling sites or the mean values for the upstream
catchment. The upstream catchment was delineated using the 30-arc-second (~1 km)
directional flow raster provided by HydroSHEDS (Lehner and Grill, 2013). Environmental
properties, including pH, electrical conductivity, and water temperature, were obtained from
onsite measurements (Table S4). Missing data were supplemented using extracted data from
FOREGS (Salminen et al., 2005) for pH, and electrical conductivity, TerraClimate (Abatzoglou
et al., 2018) for water temperature. Additional environmental data, including DOC from
FOREGS, air temperature and precipitation from TerraClimate, and flow rate from FLO1K
(Barbarossa et al., 2018), were also incorporated into the analysis. Spatial data extraction and
processing were performed in R version 4.4.2 with the terra (1.7.65), exactextractr (0.10.0),
and sf (1.0-15) packages. Any remaining missing data for socioeconomic and environmental
variables were imputed using the k-Nearest Neighbors (kNN) algorithm implemented in the
VIM (6.3.2) package. Prior to PLS-PM, a two-tailed Spearman correlation analysis was
conducted on descriptors of latent variables within and between groups in GraphPad Prism 9
(GraphPad Software, 2020) to minimize collinearity effects on the modelling. Only one variable
was retained from each group of highly intercorrelated variables (r > 0.7). The details of the
PLS-PM variable data are provided in Table S4.

3. Results and Discussion

In total, 2,410 distinct samples were anticipated (280 sites sampled 4 times, including
duplicates and 170 field blanks) but only 2,348 samples were eventually analysed, generating
16,436 data points. The remaining 62 samples (2.6%) were not analysed due to either missed
sampling at certain sites (e.g., TUbingen, Germany, during summer and autumn) or sample
damage upon arrival. Subsequent data analyses are based on the mean of duplicate
measurements for each location and season (1089 values in total). Duplicate results were
typically within a two-fold range, with a median fold difference of 1.40 (Mean: 1.70; range:
1.00-7.40). Higher deviations were generally observed in samples with very low
concentrations, where minor absolute differences can result in larger fold changes. Individual
results for these samples, along with associated metadata provided by the sampling teams,
are available in the Supporting Information. Six of the seven PFAS compounds were not
detected in any blank samples. PFHxA was detected in fewer than 8.9% of field and QC
blanks, but always at concentrations below the LOD (0.99 ng/L), and was therefore treated as
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non-detected and assigned a value of zero for statistical analysis. In summary, no PFAS were
found in blank samples at quantifiable levels.

3.1 General findings

At least one of the studied PFAS was detected in 775 out of 1089 (71%) of the field samples
analysed and at 260 (93%) of the 280 locations that were monitored. The most frequently
detected study compound was PFHxA which was detected at 52% of locations, followed by
PFOA (43%), PFBS (19%), PFNA (16%), PFBA (5.1%), PFOS (2.0%), and PFHpA (1.6%).
Concentrations of the study PFAS ranged from 0.990 (Dalaman, Turkey, summer) to 304 ng/L
(Garyllis, Cyprus, autumn) for PFHxA (Mean = 7.24 ng/L), 0.960 (River Liffey, Ireland, spring)
to 189 ng/L (Kelvin, Scotland, winter) for PFOA (Mean = 4.55 ng/L), 1.24 (Rhéne, France,
spring) to 168 ng/L (Garyllis, Cyprus, autumn) for PFBS (Mean = 2.24 ng/L), 4.65 (Thuir,
Switzerland, spring) to 279 ng/L (Rhéne, France, summer) for PFHpA (Mean = 1.24 ng/L),
1.10 (Po, Italy, autumn) to 108 ng/L (Kelvin, Scotland, winter) for PFNA (Mean = 1.18 ng/L),
1.37 (Sana, Bosnia and Herzegovina, summer) to 124 ng/L (Garyllis, Cyprus, autumn) for
PFBA (Mean = 0.950 ng/L) and 1.76 (Ringvaart, Belgium, summer) to 67.8 ng/L (Aller,
Germany, summer) for PFOS (Mean = 0.231 ng/L). While the concentrations observed for
PFHxA, PFHpA, and PFNA were similar to concentrations reported in other European
monitoring investigations (Loos et al.,, 2009; Niegowska et al., 2021), the frequency of
detection and average concentrations observed for PFOS and PFOA were both lower. This
mismatch might be explained by European regulatory restrictions, including Directive
2006/122/EC (European Union, 2006), which restricted the use of PFOS and its precursors in
2008 and Commission Regulation 2017/1000 (European Commission, 2017), which imposed
restrictions on PFOA and its precursors in 2020.

3.2 Most PFAS contaminated and least contaminated sites

The most contaminated site was in Garyllis, Cyprus. This site had an annual mean cumulative
PFAS concentration of 408 ng/L, and a maximum concentration of 832 ng/L seen in the
autumn. This high cumulative concentration was primarily attributed to PFBA, PFBS, PFHpA,
PFHxA, and PFOA. PFNA was only detected in summer, and PFOS was not detected at this
site. The site is located downstream of the Vati landfill in the Greater Limassol Area. Elevated
PFAS levels at this location may be linked to multiple sources, including partially treated
sewage from unlined lagoons, industrial effluent, landfill leachate runoff, and increased
sewage flows during summer and autumn, which place additional strain on the treatment
capacity.

In Scotland, two sites located in the downstream section of the River Kelvin had the second
and third highest annual mean cumulative PFAS concentrations, with 105 ng/L measured at
the upper site and 100 ng/L at the lower site. A site on the River Alimond ranked fourth, with
97.8 ng/L. The upper site in the downstream section of the River Kelvin is situated
approximately 650 metres downstream of the Dawsholm Recycling Centre. In contrast, the
lower site is located around 400 metres from Maryhill train station and 2 kilometres from the
Glasgow Seaplane Terminal.

A location on the Ergene River in Turkey was ranked fifth with a concentration of 94.3 ng/L
driven by PFHxA, PFNA, and PFOA. This location is situated approximately 600 meters
downstream of the Luleburgaz Atiksu Aritma Tesisi wastewater treatment plant, with upstream
flow passing through several Organized Industrial Zones in the Corlu region. These findings
suggest that, in addition to wastewater treatment plants, landfills, recycling centres, and other
industrial facilities are significant sources of PFAS pollution. This aligns with the findings of
Fernandez et al. (2023), who demonstrated that proximity to known PFAS sources (e.g.,
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landfills, airports, and industrial facilities) is a key predictor of contamination levels in drinking
water.

Sites with low cumulative PFAS concentrations were typically located in areas with minimal
anthropogenic pressure, such as sites within national parks (e.g., Dee, Scotland), upper river
reaches (e.g., Ulfarsa in Iceland and Cavado River in Portugal), small towns with low
population density (e.g., Vigala, Estonia; Varma and Olfusd, Iceland), and locations lacking
PFAS sources such as industrial zones or airport facilities within the catchment and upstream
region (e.g., Ythan and Tay, Scotland), all of which showed no detectable levels of the seven
target PFAS.

3.3 Variation in PFAS occurrence by country

PFAS were detected in river water samples from all 31 monitored countries. In 20 of the
monitored countries, PFAS were detected at all sampling sites. In contrast, in Italy, Cyprus,
the United Kingdom, Portugal, Slovakia, Latvia, Bulgaria, Slovenia, Poland, Iceland, and
Estonia, PFAS were not detected at every site. Belgium exhibited the highest detection
frequency (52%), followed by Germany, Austria, France, and the Netherlands, each with
detection frequencies exceeding 30%. In contrast, Estonia showed the lowest detection
frequency (2.4%). Iceland, Poland, Slovenia, Bulgaria, Latvia, Norway, Slovakia, and Portugal,
all had detection frequencies below 10%. Notably, Greece was the only country where all
seven target PFAS compounds were detected (Figure 1A). Cyprus had the highest annual
average cumulative PFAS concentration, with a value of 73.5 ng/L (Figure 1B). This was
followed by Belgium (41.3 ng/L), Luxembourg (40.7 ng/L), the Netherlands (39.5 ng/L), Spain
(38.8 ng/L), France (37.9 ng/L), ltaly (32.7 ng/L), Greece (32.6 ng/L), and Germany (29.2 ng/L)
(Figure 1B). In contrast, Iceland exhibited the lowest concentration (0.528 ng/L), followed by
Latvia (1.37 ng/L), Estonia (1.53 ng/L), Bulgaria (1.72 ng/L), Slovakia (3.35 ng/L), Albania
(3.98 ng/L), Poland (4.30 ng/L), Slovenia (4.76 ng/L), and Romania (4.80 ng/L), indicating
lower PFAS contamination in Eastern and Northern Europe. Some of the countries identified
with high average PFAS contamination (i.e., Spain, Germany, and the Netherlands) align with
countries recently identified by Zhao et al. (2025), using a combination of monitoring data, risk
analysis and machine learning predictions, as being vulnerable to PFAS contamination. In
addition, several nationwide monitoring studies have reported comparable PFAS levels in
countries with relatively elevated concentrations in this study. For example, Jonker (2024)
reported annual average cumulative concentrations of seven PFAS compounds—matching
those in our study—of approximately 27 ng/L across 17 inland and coastal sites in the
Netherlands in 2022, closely aligning with the 39.5 ng/L we recorded. Similarly, Munoz et al.
(2015) reported a mean cumulative concentration of 28 ng/L for 22 PFAS compounds in
freshwater samples (n = 333) from 133 rivers and lakes across France in 2013, which is
consistent with the 37.9 ng/L we observed.
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Figure 1. Summary of PFAS occurrence across 31 European countries: (A) detection
frequencies of seven target PFASs, and (B) annual average concentrations, calculated
as the mean across all sampling sites within each country. The PFAS acronyms are
defined as follows: PFHxA (perfluorohexanoic acid), PFOA (perfluorooctanoic acid),
PFBS (perfluorobutanesulfonic acid), PFHpA (perfluoroheptanoic acid), PFBA
(perfluorobutanoic  acid), PFNA  (perfluorononanoic  acid), and PFOS
(perfluorooctanesulfonic acid).

3.4 Variation in PFAS occurrence by season

Cumulative PFAS concentrations across all countries differed significantly among the four
seasons monitored (non-parametric two-way ANOVA, F = 23.5, p < 0.001). A significant
interaction effect between season and country was also observed (non-parametric two-way
ANOVA, F =2.20, p < 0.001), indicating that seasonal variation in PFAS levels differed among
countries. The highest mean cumulative concentration and detection frequency (across 7
PFAS compounds and all sites) were observed in the summer (23.6 ng/L and 24%,
respectively), followed by autumn (17.9 ng/L and 20%), winter (16.9 ng/L and 18%), with the
spring having the lowest mean cumulative concentrations and detection frequency (12.3 ng/L
and 17%), as shown in Figure 2. Seasonal differences in occurrence were also observed for
some of the individual PFAS. For PFHxA, both concentrations (Friedman test: statistic = 32.1,
p <0.001; Dunn’s test: adjusted p < 0.05) and detection frequencies (Cochran’s Q test: statistic
=12.5, p < 0.01; McNemar’s test: p < 0.05) were significantly higher in summer, autumn, and
winter than in spring. For PFBS, concentrations were significantly higher in summer and
autumn than in winter, and higher in summer than in spring (Friedman test: statistic = 38.6, p
< 0.0001; Dunn’s test: adjusted p < 0.05). Detection frequencies were significantly higher in
summer, autumn, and spring compared to winter (Cochran’s Q test: statistic = 25.8, p < 0.001;
McNemar’s test: p < 0.01). PFNA exhibited significantly higher concentrations in summer than
in both spring and autumn (Friedman test: statistic = 26.4, p < 0.001; Dunn’s test: adjusted p
< 0.05), with detection frequencies also significantly higher in summer and winter compared
to spring and autumn (Cochran’s Q test: statistic = 18.4, p < 0.001; McNemar’s test: p < 0.05).
For PFOA, both concentrations (Friedman test: statistic = 25.6, p < 0.001; Dunn’s test:
adjusted p < 0.05) and detection frequencies (Cochran’s Q test: statistic = 22.7, p < 0.001;
McNemar’s test: p < 0.01) in summer were significantly higher than in the other three seasons.
In contrast, PFBA showed no significant differences in concentration or detection frequency
across the four seasons, likely due to low detection frequency (5.1%) and insufficient statistical
power. The overall seasonal pattern aligns with the findings of Pignotti et al. (2017), who
reported higher PFAS concentrations and detection frequencies in the Ebro River (Spain)
during the dry season compared to the wet winter season. This was likely due to reduced
dilution and increased detectability associated with lower river flow rates. The higher level of
occurrence in the summer may also be attributed to increases in outdoor human activity
(Podder et al., 2021), faster transformation of precursor substances (Bertilsson et al., 2013)
and/or enhanced inputs to river systems through volatilisation (Zhao et al., 2013; Wang et al.,
2009; Shaw et al., 2019).
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Figure 2. Boxplot of concentrations of seven target PFAS across 280 sampling sites
over four seasons. The lower and upper boundaries of the box represent the 25th and
75th percentiles, respectively, while the central line indicates the median concentration,
and the whiskers show the minimum and maximum concentrations for each PFAS.

3.5 Partial least squares path modelling to identify drivers of PFAS occurrence

The PLS-PM modelling showed that PFAS concentrations across the study sites were
positively associated with socioeconomic factors, including the Human Footprint Index (HFI),
Gross Domestic Product (GDP), poverty rate, upstream catchment population density and
educational attainment (Figure 3). Environmental variables such as electrical conductivity,
temperature, longitude, precipitation and flow rate were also found to be important. The
strongest association was seen for HFI (weight = 0.805, p < 0.001). This index characterizes
human pressures on natural ecosystems using eight criteria: built environment, population
density, nighttime lights, cropland, pasture, roads, railways, and navigable waterways (Mu et
al., 2022). GDP (weight = 0.384, p < 0.001) emerged as the second most important social
variable. GDP has been identified as an indicator of the consumption of PFAS-containing
products and per capita daily emissions, showing a strong positive correlation with total PFAS
concentrations, reflecting higher PFAS contamination in economically developed areas
(Calore et al., 2023; Zhang et al., 2013). PFAS pollution was positively associated with the
poverty rate (weight = 0.204, p < 0.001) and educational attainment (weight = 0.133, p <
0.001), consistent with findings by Ayodele and Obeng-Gyasi (2024), who reported that such
sociodemographic factors can significantly influence PFAS exposure levels. Upstream
catchment population density also exhibited a significant positive relationship (weight = 0.166,
p < 0.001). This variable was strongly correlated with the number of wastewater treatment
plants (r=0.820, p < 0.05; Figure S1B) and the total volume of upstream wastewater discharge
(r = 0.840, p < 0.05; Figure S1B), highlighting the role of wastewater as a major source of
PFAS contamination, as also confirmed by Lee et al. (2020).
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Figure 3. PLS-PM model of socioeconomic and environmental factors influencing PFAS
concentration in European rivers. 'Socio,’ 'Environ," and 'PFASconc' represent the
latent variables (LVs) for 'socioeconomic variables,’ ‘environmental variables," and the
dependent variable ("PFAS concentration'), respectively. 'w,’ 'B," and 'A' represent the
weights of individual variables, the path coefficients of latent variables, and the
loadings of manifest variables on their corresponding latent variables, respectively. r?,
the coefficient of determination, indicates the amount of variance in a dependent latent
variable explained by its independent latent variables.

Electrical conductivity (weight = 0.801, p < 0.001) was the most significant environmental
variable positively associated with PFAS concentrations, likely due to its co-occurrence with
dissolved ions from wastewater effluents or industrial discharges, suggesting they may share
anthropogenic origins or similar transport mechanisms in aquatic environments. Regional
temperature variations (weight = 0.420, p < 0.001) were also identified as a potential driver,
potentially due to higher temperatures increasing the volatility of some PFAS compounds (e.g.
PFBA and PFBS) and accelerating the degradation of precursors (potentially leading to higher
levels of PFHxA and PFBA). Longitude showed a significant negative relationship (weight = —
0.262, p < 0.01), suggesting that PFAS concentrations were generally higher in western
Europe and declined towards the east, possibly reflecting regional differences in
industrialisation, consumption patterns, and regulatory implementation. Regional precipitation
(weight =-0.181, p < 0.001) and flow rate (weight = -0.191, p < 0.001) were also identified as
potential drivers, likely due to dilution effects (Kwok et al., 2010; Nguyen et al., 2022; Lee et
al., 2020). Taken together, the analysis indicates that spatial variations in the occurrence of
PFAS in European surface waters result from the complex dynamics of interactions between
human activities and environmental factors.

3.6 Implications of our findings for ecological and human health

Threshold values have been proposed for combinations of PFAS and for PFOS for surface
waters and drinking water (European Union, 2013; European Union, 2020; European
Commission, 2022). The EU has proposed an annual average Environmental Quality
Standard (EQS) of 4.4 ng/L for the sum of 24 PFAS in surface waters, seven of which were
monitored in this study (European Commission, 2022), and an individual annual average EQS
of 0.65 ng/L for PFOS (European Union, 2013). The EU have also proposed a threshold value
of 100 ng/L for the sum of 20 PFAS in drinking water to protect human health (European Union,
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2020). Overall, 63% of the monitored locations had an annual average PFAS concentration
exceeding the AA-EQS of 4.4 ng/L for the sum of 24 PFAS compounds (Figure 4 and Figure
S2). The greatest level of exceedances of the AA-EQS was seen for the site on the Garyllis
River in Cyprus (92 times the EQS), the two sites on the River Kelvin in Scotland (23.8 and
23 times the EQS), and the site on the River Almond in Scotland (22 times the EQS). Only
2.0% of samples had annual average concentrations of PFOS higher than the AA-EQS for EU
surface waters (Figure S2). The sites with the highest exceedance of the PFOS AA-EQS (0.65
ng/L) were all in Germany on the Aller River (including two sites, 104 and 85 times the EQS),
the Muahlengraben River (26 times EQS) and the Tarpenbek River (21 times EQS). This
exceedance rate is considerably lower than recent European Environment Agency data (EEA,
2024b), which report that 50—-60% of river monitoring sites across Europe (out of 386 to 1,097
sites annually) exceeded the EQS between 2018 and 2022. The lower exceedance rate
observed in our study may partly underestimate the true extent of PFOS exceedances, as the
AA-EQS threshold of 0.65 ng/L falls below the method detection limit (1.76 ng/L) used in this
study. Around 2.5% of the samples exceeded the EU threshold of 100 ng/L for the sum of 20
PFAS in drinking water (Figure S2). In contrast, a larger proportion of samples exceeded US
EPA drinking water limits: 29% of samples exceeded the 4 ng/L limit for PFOA, 2.7% exceeded
the 10 ng/L limit for PFNA, and 1.0% exceeded the 4 ng/L limit for PFOS. These findings
indicate that exceedances are substantially more frequent when assessed against the US EPA
thresholds. Given that we only looked at seven PFAS and the surface water and drinking water
thresholds are based on 20 and 24 different PFAS respectively, true exceedance rates are
likely underestimated.
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Figure 4. Comparison of the annual average sum of PFAS concentrations for the
different monitoring locations with the annual average PFAS Environmental Quality
Standard for EU surface water. Blue points are below the EQS. Red points are greater
than the EQS with the size indicating the level of exceedance.

3.7 Final considerations

This comprehensive study provides an unprecedented large-scale assessment of PFAS
contamination across European freshwater systems and reveals important insights into their
spatial and temporal distribution and the key drivers influencing their presence. Our findings
underscore the pervasive nature of these chemicals, with detections in all 31 countries
monitored. The identification of wastewater treatment plants, landfills, and recycling centres
as significant sources of pollution, coupled with the strong association between PFAS
concentrations and socioeconomic indicators like the Human Footprint Index and GDP,
highlights the intertwined relationship between human activity and environmental
contamination. The observed seasonal variations further emphasize the complex dynamics
governing PFAS distribution, pointing to factors such as dilution, human activity, and the
transformation of precursor substances as drivers of exposure.

The widespread exceedance of established environmental quality standards for PFAS at 63%
of European sites, even with a limited set of seven compounds, presents a stark picture of the
ecological and health hazards posed by these substances. This study serves as a crucial
foundation for understanding the continent-wide challenge posed by PFAS. The insights
gained are invaluable for informing and strengthening regulatory frameworks, guiding targeted
mitigation strategies, and prioritizing areas for remediation efforts. Future research should aim
to expand the suite of PFAS monitored, further investigate the long-term environmental fate
and transport of these compounds, and explore innovative solutions for their removal from
aquatic environments. Ultimately, a concerted, international effort is essential to curb PFAS
pollution and safeguard both ecosystem integrity and public health across Europe and beyond.
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